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Abstract: We analyzed concentrations and trends of perfluoroalkyl substances (PFAS) in blood plasma samples of bald eagle
(Haliaeetus leucocephalus) nestlings at 6 study areas in the upper Midwest of the United States, 2006 to 2015, and long‐term
trends at 2 Lake Superior (USA/Canada) sites, 1995 to 2015. Nestling blood plasma concentrations of the sum of 15 PFAS
analytes (∑PFAS) differed among study areas and were highest at the 3 industrialized river sites: pools 3 and 4 of the
Mississippi River (pools 3+ 4; geometric mean [GM]= 754 μg/L; range= 633–2930), the Mississippi National River and
Recreation Area (GM= 687 μg/L; range= 24–7371), and the lower St. Croix National Scenic Riverway (GM= 546 μg/L;
range= 20–2400). Temporal trends in ∑PFAS in nestling plasma differed among study areas; concentrations decreased at
pools 3+ 4, Mississippi National River and Recreation Area, and lower St. Croix National Scenic Riverway, but not at the most
remote sites, the upper St. Croix River and Lake Superior. Overall, perfluorooctanesulfonate (PFOS) was the most abundant
analyte at all study areas, and perfluorodecanesulfonate (PFDS) the second most abundant at industrialized river sites
although not at Lake Superior; concentrations of both these analytes declined from 2006 to 2015 over the study area. In
addition, nestling age significantly influenced plasma concentrations of ∑PFAS and 7 of the 12 analytes. For these analytes,
concentrations increased by 1 to 2%/d as nestlings grew, indicating that age should be considered when using nestling
plasma to assess PFAS. Environ Toxicol Chem 2021;40:754–766. © 2020 The Authors. Environmental Toxicology and
Chemistry published by Wiley Periodicals LLC on behalf of SETAC.
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INTRODUCTION
Perfluoroalkyl and polyfluoroalkyl substances (PFAS) are

found in nonstick cookware, water‐repellent and stain‐repellent
formulations, fire‐fighting foams, pesticides, surfactants, and
other applications (Custer et al. 2013; Route et al. 2014a). Since
their introduction in the 1950s, they have been manufactured in
great quantities and are widely distributed, even to areas
where they were never used. Water, sediment, and biota

from diverse locations worldwide are contaminated by these
persistent, bioaccumulative compounds (Stahl et al. 2011;
Remucal 2019).

Perfluoroalkyl and polyfluoroalkyl substances have been
linked to negative impacts in various species, including hu-
mans. In laboratory studies, PFAS affect the function of the
endocrine system in birds and humans (Weiss et al. 2009; Tartu
et al. 2014), the liver, lungs, kidneys, and immune system, and
the health and behavior of offspring of exposed females (Stahl
et al. 2011). Field studies have reported effects on metabolic
rate (Blévin et al. 2017), reproductive rate of birds (Custer
et al. 2012, 2014; Tartu et al. 2014), and human behavior
(Gump et al. 2011), although the interpretation of these results
is sometimes confounded by the presence of other toxic
bioaccumulative contaminants (Custer et al. 2019).

Perfluorooctanesulfonate (PFOS), which is among the most
commonly studied PFAS due to its abundance and ubiquity
in biota, accounted for the majority of PFAS in various
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field‐collected organisms (Kannan et al. 2005; Stahl et al. 2014;
Remucal 2019), including fish in Midwestern rivers in the
United States (Ye et al. 2008), and eggs of peregrine falcons
(Falco peregrinus; Vorkamp et al. 2019), great tits (Parus
major; Groffen et al. 2019), and Great Lakes Caspian
terns (Hydroprogne caspia; Su et al. 2017) and bald eagles
(Haliaeetus leucocephalus; Wu et al. 2020). Chronic exposure
to PFOS under experimental conditions is associated with
failure to hatch, decreased weight gain (Dennis et al. 2020),
decreased survival, and lower body mass (Bursian et al. 2020).

Because of the widespread use and toxicity of PFAS, it is
important to monitor and understand their distribution and ef-
fects in biota, to inform regulatory decisions and wildlife man-
agement and conservation efforts. Bald eagles serve as excellent
biosentinels for monitoring a variety of biomagnifying toxic
compounds, due to their position at the top of the aquatic food
web (Elliott and Norstrom 1998; Dykstra et al. 2001; Elliott and
Harris 2001–2002; Buck et al. 2005; Cesh et al. 2010; Wierda
et al. 2016; Wu et al. 2020). Monitoring contaminant concen-
trations in nestlings is particularly valuable for detecting local
levels and sources of compounds, because the adult eagles tend
to forage in a relatively small area surrounding their nest
(Stalmaster 1987; Garrett et al. 1993), and concentrations in the
eaglets thus reflect local conditions (Elliott et al. 2009; Route
et al. 2019). Bald eagle nestlings have already served as bio-
indicators for legacy contaminants such dichlorodiphenyldi-
chloroethylene (DDE), polychlorinated biphenyls (PCBs), and
mercury (Dykstra et al. 2001, 2019; Elliott et al. 2009; Cesh
et al. 2010; Wierda et al. 2016) as well as emerging contaminants
such as polybrominated diphenyl ethers (PBDEs; Venier
et al. 2010; Route et al. 2014b; Guo et al. 2018) and PFAS
(Kannan et al. 2001; Route et al. 2014a), particularly in the
Laurentian Great Lakes (USA/Canada) ecosystem.

Great Lakes biota consistently have higher loads of persis-
tent organic pollutants than the same species in much smaller
lakes (often termed “inland lakes”) in the region (Giesy et al.
1995; Stahl et al. 2013, 2014). An early assessment of PFOS
concentrations in the Great Lakes region reported that bald
eagle nestling plasma concentrations of this analyte averaged
330 ng/mL in the early 1990s, although most samples were from
inland lakes or rivers rather than from the Great Lakes shores
(Kannan et al. 2001). Biomagnification accounted for enhanced
concentrations of PFOS that were 10 to 20 times higher in Great
Lakes eagles than in their prey species (Kannan et al. 2005).
More recently, bald eagle nestlings along the south shore of
Lake Superior (USA/Canada) had moderate levels of total
PFAS, averaging 490 to 550 ng/mL in nestling plasma (Route
et al. 2014a), and bald eagle eggs in the Great Lakes region had
median concentrations of 174 ng/g, with higher levels on the
Great Lakes shores than in inland areas (Wu et al. 2020).

In addition to the Great Lakes, urban areas and other areas
affected by anthropogenic activity often have higher levels of
PFAS in sediment, water, and biota (Stahl et al. 2014; Remucal
2019). A large‐scale multimedia study in Canada detected
elevated concentrations of PFOS associated with urbanization,
especially in urban areas along the Great Lakes; river sites with
relatively high concentrations were influenced by urban

development or wastewater treatment plants (Gewurtz et al.
2013). Similarly, double‐crested cormorants (Phalacrocorax
auritus), dolphins (Tursiops truncatus), and northern pike (Esox
lucius) associated with industrialized development or waste-
water treatment plants exhibited higher levels of PFAS com-
pared with those sampled in more remote regions (De Silva
et al. 2016).

Although bald eagles were removed from the Endangered
Species list in 2007 (US Fish and Wildlife Service 2007), they are
still protected under the Bald and Golden Eagle Protection Act
(16 U.S.C. 668‐668c), and continued monitoring of population
trends and contaminant loads is recommended to safeguard
their recovery and to serve as vital indicators of aquatic eco-
system health. As a follow‐up to our earlier study (Route et al.
2014a), we report concentrations and temporal trends for PFAS
in bald eagles in 6 study areas with different hydrological
regimes, prey bases, and anthropogenic impacts. We pre-
dicted that overall PFAS concentrations would be highest at
urban sites or sites influenced by anthropogenic development,
and that concentrations would decrease over the course of the
study at most sites.

MATERIALS AND METHODS
Collection of samples

We collected blood samples from bald eagle nestlings at
6 study areas in northern Wisconsin and adjacent areas of
Minnesota: the Apostle Islands National Lakeshore, the
southern shore of Lake Superior in Wisconsin, the upper
St. Croix National Scenic Riverway, the lower St. Croix National
Scenic Riverway, the Mississippi National River and Recreation
Area, and pools 3 and 4 of the Mississippi River (Pools 3+ 4;
Route et al. 2014a; Supplemental Data, Figure S1). Nests clas-
sified as Lake Superior southern shore were located within 8 km
of the southern edge of Lake Superior; for all other study areas,
nests were included if they were within 0.5 km of the protected
area boundary. Because eagle pairs may use different nest
structures in different years, we defined a nesting territory as the
area that contained all the nests within the home range of a
mated pair (as in Steenhof and Newton 2007); generally, nests
within one territory were within 1 km of each other.

From May to June, 2006 to 2015, a qualified tree‐climber
accessed nests when young were 5 to 9 wk old and lowered
them to the ground. Nestlings were banded, weighed, and
measured (8th primary, footpad, hallux, bill depth, and culmen).
Nestlings were aged by the length of the 8th primary
(Bortolotti 1984) and sexed using genetic analysis. We collected
≤10mL of blood from the brachial vein of all nestlings in each
nest (1–4), unless they were too young or too old to safely
sample. We transferred the samples to 10‐mL Vacutainers, and
stored them on blue‐ice until the end of the day (a method not
currently recommended for PFAS but commonly used during
our study). We then centrifuged the samples at 1200 rpm to
separate plasma from red blood cells. For each nest, a single
sample was chosen for PFAS measurements (arbitrarily in 2006,
randomly thereafter). We used a sterile glass pipette to transfer
1.0mL of plasma to a polypropylene vial as the sample aliquot.

PFAS in bald eagle nestlings—Environmental Toxicology and Chemistry, 2021;40:754–766 755
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Glass pipettes were previously baked at 650 °F (343 °C) to re-
move chemical residues. A sample of stock syringes, needles,
Vacutainers, and vials that we used were tested by the 3M
Environmental Laboratory (Maplewood, MN, USA) and verified
to be free of PFAS chemicals. Plasma samples were immediately
frozen, and kept frozen until delivery to the Wisconsin State
Laboratory of Hygiene (Madison, WI, USA) for analysis.

For analysis of long‐term trends of PFAS in nestlings along
the Lake Superior shore (Apostle Islands National Lakeshore
and Lake Superior southern shore study areas), we also analyzed
archived plasma samples (n= 10 for Lake Superior southern
shore, 1995–1998; n= 4 for Apostle Islands National Lakeshore,
1998–2002; Supplemental Data, Table S1). These archived
samples were collected and stored using the methods just
described by the Wisconsin Department of Natural Resources.

Two hundred sixty‐one of the samples collected from 2006
to 2011 were previously analyzed using a different statistical
method (mixed effects models in a Bayesian framework; Route
et al. 2014a). These samples are included in the present study
for updated, longer term analyses that allow more thorough
assessment of concentrations and trends due to larger sample
sizes.

Laboratory procedures
Analytical techniques have already been described in

detail previously (Route et al. 2014a). Briefly, Wisconsin State
Laboratory of Hygiene performed all measurements using
high‐performance liquid chromatography tandem mass spec-
trometry with quantification using turbo ion spray triple quad-
ruple mass spectrometer in the negative ionization mode.
Quality control consisted of reagent blanks, method blanks,
and spiked samples of known quantity for calibrations for every
batch of 10 samples. With a subset of our samples we con-
ducted a blind, interlaboratory comparison with the US
Environmental Protection Agency laboratory in Research
Triangle Park (NC, USA) and the 3M Environmental Laboratory,
and concluded that PFAS analytes found in high concentrations
could be consistently measured with high reproducibility be-
tween laboratories. The less abundant analytes varied more
widely in magnitude between laboratories, but they trended in
the same direction (Route et al. 2014a).

Statistical analyses
Sum of PFAS. Each sample contained concentrations of up

to 15 PFAS compounds (2–15 analytes; ∑PFAS; compounds
and abbreviations shown in the Supplemental Data, Table S2).
Because many of these concentrations were below the limit of
quantitation (LOQ; 0–98% of the samples for each analyte),
we calculated the sum of the PFAS analytes using the
Kaplan–Meier techniques (Helsel 2012). The Kaplan–Meier
sums for each sample were calculated in R Ver 3.4.3 (R Core
Team 2017) with the function cenfit in the package NADA
Ver 1.6‐1.1 (Lee 2017) by multiplying the Kaplan–Meier mean
by the number of analytes (Helsel 2012).

We used a mixed effects model in the package nlme
Ver 3.1‐141 (Pinheiro et al. 2019) to compare Kaplan–Meier

sums for samples collected between 2006 and 2015 among the
6 study areas. We examined long‐term trends at Lake Superior
southern shore (1995–1998, and 2007–2015) and Apostle
Islands National Lakeshore (1998, 2000, 2002, 2006–2015) in
separate analyses. We used nesting territory as a random effect
rather than individual nest because samples within a nesting
territory are not considered independent. In addition, the use
of territory as a random effect helped to control for spatial
autocorrelation. Nestling age at sampling was included as a
covariate because previous studies have indicated that PFAS
concentrations can increase as nestlings age (Bustnes et al.
2013; Route et al. 2014a; Løseth et al. 2019). We included
study area, year, the interaction between study area and year,
and nestling age at sampling as fixed effects and territory as a
random effect. We plotted the residuals against XY coordinates
to check for spatial autocorrelation. Models were fit using
generalized least squares and mixed effects models with
maximum likelihood, and then compared using the bias‐
corrected Akaike information criteria (AICc; Burnham and
Anderson 2002) with the functionmodel.sel in package MuMIN
(Barton 2016) to determine the fixed and random structure of
each model. The AICc‐selected model was refit using restricted
maximum likelihood (REML), and inferences were made from
this model (Zuur et al. 2009). If we detected significant differ-
ences in our REML model among study areas, we then used
Tukey's post hoc comparison tests in the package lsmeans
(Lenth 2016) to determine differences, considering p< 0.05 to
indicate significant differences among study areas. We calcu-
lated geometric means by back‐transforming the least square
means using 10β Table 1.

Individual analytes. For PFAS with no samples <LOQ (PFOS,
perfluoroundecanoate [PFUnA], perfluorododecanoate [PFDoA],
perfluorononanoate [PFNA], and perfluorotridecanoate [PFTrA]),
we used mixed effects models as just described in the Sum of
PFAS section to compare samples collected between 2006
and 2015 at 6 study areas (Apostle Islands National Lakeshore,
lower St. Croix National Scenic Riverway, Lake Superior
southern shore, Mississippi National River and Recreation Area,
pools 3+ 4, and upper St. Croix National Scenic Riverway). We
used a log10 transformation of analyte concentration to meet the
assumptions of normality.

For analytes with <80% of samples below the LOQ (per-
fluorodecanesulfonate [PFDS], perfluorodecanoate [PFDA],
perfluoroheptanesulfonate [PFHpS], perfluorohexanesulfonate
[PFHxS], perfluorotetradecanoate [PFTeA], perfluorooctanoic
acid [PFOA] and perfluorobutanoate [PFBA]), we followed the
recommendations of Helsel (2012). We fit a parametric survival
mixed effect model (frailty model; Govindarajulu et al. 2011)
using function survreg in the package survival (Ver 2.38;
Therneau 2015) and used the frailty function to add territory as
a random effect with a gamma distribution and an expectation
maximization algorithm. The expectation maximization method
uses unobserved latent variables to create the expectation of
the log‐likelihood and is used when equations cannot be
solved directly. The combination of the gamma distribution
and expectation maximization method was selected as the best

756 Environmental Toxicology and Chemistry, 2021;40:754–766—C.R. Dykstra et al.
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for defining the random effect term in our models. A left‐
censored survival object for each analyte concentration and the
respective LOQ was created for each model. The mixed effect
model was fit with a lognormal distribution. We checked the
standard residual plots to ensure model assumptions were met.
We estimated means from predicted values on the response
scale from the AICc‐selected model (Table 1).

We did not conduct individual analyses for 3 analytes with
high numbers of samples (90–98%) below the LOQ: per-
fluoropentanoate (PFPA), perfluorohexanoate (PFHxA), and
perfluoroheptanoate (PFHpA; Supplemental Data, Table S3).
We conducted all analyses in R Ver 3.4.3 (R Core Team 2017).

RESULTS
Samples collected

From 2006 to 2015, we collected 375 nestling samples from
162 nesting territories in the 6 study areas. The number of
samples for each study area varied due to the size of the eagle
population, nest occupancy rates, and funding sources. More
samples were collected at Mississippi National River and
Recreation Area (n= 141) than at other study areas (lower
St. Croix National Scenic Riverway, n= 64; upper St. Croix
National Scenic Riverway, n= 64; Apostle Islands National
Lakeshore, n= 57; pools 3+ 4, n= 33; Lake Superior southern
shore, n= 16; Supplemental Data, Table S1). Nestling age
ranged from 19 to 71 d.

Sum of PFAS
The ∑PFAS in nestling plasma was highest at pools 3+ 4,

lowest at upper St. Croix National Scenic Riverway, and dif-
fered among study areas (Table 1). The AICc‐selected model of

∑PFAS in plasma included the interaction between study area
and year and nestling age as a covariate (Supplemental Data,
Figure S2). The model suggested significant differences among
study areas. Tukey's post hoc comparisons indicated that
∑PFAS in nestling plasma was greater at lower St. Croix
National Scenic Riverway, Mississippi National River and Rec-
reation Area, and pools 3+ 4 than at Apostle Islands National
Lakeshore, Lake Superior southern shore, and upper St. Croix
National Scenic Riverway (all p< 0.001; Supplemental Data,
Figure S3). The ∑PFAS in nestling plasma was greater at
Apostle Islands National Lakeshore and Lake Superior southern
shore compared with upper St. Croix National Scenic Riverway
(both p< 0.001). In addition, ∑PFAS concentration increased by
1.2 μg/L/d (0.0068± 0.0016 [standard error (SE)] on a log10

scale) with nestling age (t= 4.35, p< 0.001).
Trends in ∑PFAS in nestling plasma differed among

study sites. Although we found no overall trend over time
(β= –0.0177± 0.01; t= 1.68, p= 0.09), 3 interactions between
study area and year were significant, indicating trends at these
study areas. The ∑PFAS in nestling plasma decreased at lower
St. Croix National Scenic Riverway (10.1%; β= –0.0419± 0.01
[SE]; t= –3.74, p< 0.001), Mississippi National River and Recre-
ation Area (10.8%; β= –0.0447± 0.007; t= –6.25, p< 0.001) and
pools 3+ 4 (34.4%, β= –0.1286± 0.051; t= 2.5, p= 0.01;
Figure 1A). However, the trend at pools 3+ 4 should be
considered tentative because samples were few and unevenly
distributed: n= 15 in 2008, 12 in 2009, 4 in 2010, and 2 in 2011.

Long‐term trends at Lake Superior. There were no sig-
nificant long‐term trends in ∑PFAS in nestling plasma by year at
Lake Superior southern shore (t= –0.18, p= 0.86) or at Apostle
Islands National Lakeshore (t= 1.19, p= 0.24). Nestling age
was included in the AICc‐selected model of ∑PFAS at Apostle

TABLE 1: Mean and range (in μg/L) of sum perfluoroalkyl substances (ΣPFAS) and PFAS analytes in blood plasma of bald eagle nestlings at 6 study
areas in Wisconsin and Minnesota

APIS LSSS USACN LSACN MISS Pools 3+ 4

Analytea Mean Range Mean Range Mean Range Mean Range Mean Range Mean Range

∑PFASa,b 241.3 96–1420 175.6 79–382 29.9 9–205 545.5 20–2400 686.5 24–7371 753.7 633–2930
PFOSa 135.2 69–830 122.5 47–290 19.5 7.5–180 384.5 10–2400 540.9 13–4200 571.0 440–1400
PFDS 2.8 LOQ–100 3.2 0.7–32 0.9 LOQ–20 144.8 6.2–860 119.8 0.4–4100 368.2 130–1400
PFDA 21.6 LOQ–77 10.0 4.4–29 2.5 1.1–7.1 12.5 2.4–30 17.2 2.2–85 15.9 LOQ–37
PFUnAa 40.2 17–110 21.0 7.1–55 2.9 1.1–6.4 6.5 2–19 7.7 1.7–33 7.2 2.3–65
PFDoAa 9.0 4–27 5.5 2–14 0.6 0.21–1.2 4.2 0.9–18 6.3 0.5–33 5.1 2.4–31
PFNAa 53.7 24–160 13.4 2.6–83 2.5 1.1–8.3 3.0 1–12 4.1 0.8–19 3.3 1.2–11
PFTrAa 18.4 8–63 8.7 3.6–48 0.9 0.13–5.8 2.4 0.6–14 2.3 0.5–14 1.9 0.9–12
PFHpS 1.1 0.6–5.4 0.8 0.2–1.8 0.2 LOQ–2.9 1.5 LOQ–4.4 3.4 0.2–16 4.8 2–11
PFHxS 1.0 0.3–8.6 0.9 LOQ–2.7 0.3 LOQ–9.1 1.2 LOQ–8.3 4.0 0.3–47 4.7 0.8–26
PFTeA 2.5 0.8–19 1.3 0.4–16 0.4 LOQ–2.4 1.5 0.2–14 1.7 0.3–310 1.0 LOQ–14
PFOA 2.2 0.2–14 1.0 LOQ–5.3 0.2 LOQ–0.8 0.2 LOQ–10 0.5 LOQ–10 0.5 0.1–1.2
PFBA 0.03 LOQ–22 0.08 LOQ–0.8 0.06 LOQ–0.9 0.3 LOQ–46 0.5 LOQ–78 0.3 LOQ–5.6

aMeans for analytes are geometric means calculated from the mixed effects models. Means for unmarked analytes are estimated means from the frailty models for
censored data with lognormal distribution.
b∑PFAS is the sum of up to 15 analytes of PFAS calculated using the Kaplan–Meier technique described in Helsel (2012).
Study site abbreviations: APIS=Apostle Islands National Lakeshore; LSSS= southern shore of Lake Superior in Wisconsin; USACN= upper St. Croix National Scenic Riverway;
LSACN= lower St. Croix National Scenic Riverway; MISS=Mississippi National River and Recreation Area; Pools 3+ 4=pools 3 and 4 of the Mississippi River. PFOS=
perfluorooctanesulfonate; PFDS=perfluorodecanesulfonate; PFDA=perfluorodecanoate; PFUnA=perfluoroundecanoate; PFDoA= perfluorododecanoate; PFNA=
perfluorononanoate; PFTrA=perfluorotridecanoate; PFHpS=perfluoroheptanesulfonate; PFHxS=perfluorohexanesulfonate; PFTeA=perfluorotetradecanoate; PFOA=
perfluorooctanoate; PFBA=perfluorobutanoate; LOQ= lower limit of quantification.

PFAS in bald eagle nestlings—Environmental Toxicology and Chemistry, 2021;40:754–766 757
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Islands National Lakeshore and indicated that ∑PFAS increased
with nestling age by 1.4%/d (0.0058± 0.003 on the log10 scale;
t= 2.0, p= 0.05).

Individual analytes
General patterns. The analytes with the greatest concen-
trations in nestling plasma were PFOS and PFDS (Table 1).
Concentrations in nestling plasma of both PFOS and PFDS
were lowest at upper St. Croix National Scenic Riverway, and
highest at Pools 3+ 4, followed by Mississippi National River
and Recreation Area and lower St. Croix National Scenic

Riverway. The nestlings at Lake Superior sites (Apostle Islands
National Lakeshore and Lake Superior southern shore) had
lower PFOS concentrations and much lower PFDS concen-
trations. Nonetheless, nestlings at Apostle Islands National
Lakeshore had the greatest concentrations for 7 of the
12 analytes reported, including PFOA, PFDA, PFUnA, PFNA,
and PFDoA (Table 1). Eagles at upper St. Croix National Scenic
Riverway had the lowest mean concentrations for 11 of the
12 analytes.

PFOS. The most abundant analyte in nestling bald eagle
plasma samples was PFOS, with geometric means ranging from

(A)

(B)

FIGURE 1: Temporal trends in perfluoroalkyl substances (PFAS) concentrations: (A) ∑PFAS in μg/L and (B) perfluorooctanesulfonate (PFOS) con-
centrations (μg/L) in plasma of nestling bald eagles sampled at 6 study areas in northern Wisconsin and adjacent areas of Minnesota, 2006 to 2015.
Concentrations are predicted values from the models with study area × year interaction, nestling age as a covariate, and territory as a random factor.
For (A), trends at Mississippi National River and Recreation Area, lower St. Croix National Scenic Riverway, and pools 3+ 4 are significant; others are
not but lines are shown for illustrative purposes. For (B), lines for individual study area are shown for illustrative purposes. Overall PFOS declined
over the study period (p= 0.057). APIS=Apostle Islands; LSSS= the south shore of Lake Superior in Wisconsin; USACN= upper Saint Croix National
Scenic River; LSACN= lower Saint Croix National Scenic River; MISS=Mississippi National River and Recreation Area; and Pools 3+ 4= pools 3
and 4 of the Mississippi River.

758 Environmental Toxicology and Chemistry, 2021;40:754–766—C.R. Dykstra et al.
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19.5 μg/L at upper St. Croix National Scenic Riverway to
571 μg/L at Pools 3+ 4. The AICc‐selected model included the
interaction between study area and year, and nestling age as a
covariate. PFOS concentration in nestling plasma increased
by 1.9%/d with nestling age (0.00799± 0.0016 [SE] on the
log10 scale; t= 5.10, p< 0.001) and decreased by 4.8%/yr
(0.0202± 0.01 log10 scale; t=−1.91, p= 0.057; Figure 1B).
Tukey post hoc comparisons indicated significant differences
among study areas (Supplemental Data, Figure S4). Concen-
trations of PFOS in nestling plasma at Pools 3+ 4, Mississippi
National River and Recreation Area, and lower St. Croix
National Scenic Riverway were greater than those at Apostle
Islands National Lakeshore, Lake Superior southern shore, and
upper St. Croix National Scenic Riverway (all p< 0.001), and
concentrations in nestling plasma at Apostle Islands National
Lakeshore and Lake Superior southern shore were also greater
than those at upper St. Croix National Scenic Riverway (both
p< 0.001; df= 161 for Apostle Islands National Lakeshore,
df= 156 for all others).

PFDS. The second most abundant analyte in nestling eagle
plasma was PFDS, with means ranging from 0.9 μg/L at upper
St. Croix National Scenic Riverway to 368.2 μg/L at Pools 3+ 4.
Because 4 samples were below the LOQ (Apostle Islands
National Lakeshore n= 1; upper St. Croix National Scenic
Riverway n= 3), we used the frailty model. The PFDS
concentrations in nestling plasma declined by year
(β=−0.1630± 0.0169 [SE], χ2= 93.08, p< 0.001; Figure 2A)
and increased with nesting age (β= 0.0144, χ2= 8.36,
p= 0.004). The PFDS concentrations in nestling plasma were
highest at Pools 3+ 4, followed by lower St. Croix National
Scenic Riverway and Mississippi National River and Recreation
Area (Table 1). Post hoc comparisons indicated significant dif-
ferences among study areas. Concentrations of PFDS in nest-
ling plasma at Pools 3+ 4, Mississippi National River and
Recreation Area, and lower St. Croix National Scenic Riverway
were greater than those at Apostle Islands National Lakeshore,
Lake Superior southern shore, and upper St. Croix National
Scenic Riverway (all p< 0.05), and concentrations at Apostle
Islands National Lakeshore and Lake Superior southern shore
were also greater than those at upper St. Croix National Scenic
Riverway (both p< 0.05).

PFOA. The PFOA concentrations in nestling plasma were
generally low, with many samples below the LOQ (lower St.
Croix National Scenic Riverway n= 24, Lake Superior southern
shore n= 2, Mississippi National River and Recreation Area
n= 11, upper St. Croix National Scenic Riverway n= 34). The
PFOA concentrations in nestling plasma declined by year
(β= –0.1741± 0.014 [SE], χ2= 163.27, p< 0.001), but there was
no significant effect of nestling age (β= –0.0056± 0.0046,
χ2= 1.49, p= 0.22). Post hoc comparisons indicated significant
differences among study areas. Concentrations of PFOA
in nestling plasma samples from Apostle Islands National
Lakeshore were greater than those from all other sites; Lake
Superior southern shore nestling plasma concentrations did not
differ from those at Mississippi National River and Recreation

Area, but were greater than those at Pools 3+ 4, and concen-
trations in nestlings at upper St. Croix National Scenic Riverway
and lower St. Croix National Scenic Riverway were lower than
those at all other sites (all p< 0.05; Table 1 and Figure 2B).

Other analytes. We found evidence of declines for 9 of the
12 analytes reported. Declines estimated from mixed effects
models ranged from 4.7 to 8.0%/yr (Table 2). Concentrations of
7 of the 12 analytes increased with increasing nestling age
(Table 2).

DISCUSSION
All bald eagle nestlings in our study had detectable levels of

at least some PFAS analytes, with PFOS being the most
abundant. Concentrations in nestlings were highest at nests on
rivers influenced by urban areas, but these levels decreased
over the course of our study, reflecting the national decrease in
production following voluntary reductions (Lindstrom et al.
2011; Route et al. 2014a) and regulatory mandates (US
Environmental Protection Agency 2002). However, elevated
levels were found at relatively remote sites on Lake Superior,
and the lack of a decline there warrants continued concern
about the effects of these bioaccumulative, toxic compounds.

∑PFAS in nestling eagle plasma samples
Industrialized rivers. We found that ∑PFAS concentrations in
nestling plasma were highest at Mississippi National River and
Recreation Area, Pools 3+ 4, and lower St. Croix National Scenic
Riverway, sites that were near urban centers or immediately
downstream of such urban areas on the Mississippi
River and the lower St. Croix River, respectively. Associations of
high concentrations of PFAS with urban areas are well known
from other Great Lakes locations (in sediment: Codling
et al. 2018a, 2018b; Remucal 2019; in biota: Stahl et al. 2014;
Gewurtz et al. 2016). Within the Mississippi River area near our
study sites, several studies have documented high levels of
PFAS. Tree swallow (Tachycineta bicolor) nestlings at Pig's Eye
Lake, a pool of the Mississippi River in St. Paul (MN, USA) and at
the center of our Mississippi National River and Recreation
Area study area, had ∑PFAS plasma concentrations averaging
352 and 437 ng/g in 2010 and 2011, respectively (Custer
et al. 2014). Eggs of great blue herons (Ardea herodias) from the
same location averaged 340 and 492 ng/g ∑PFAS in 2010 and
2011, respectively (Custer et al. 2013). Fish (bluegill, Lepomis
macrochirus) collected in the Mississippi River had high con-
centrations of PFOS and other analytes at an urban site in
Minneapolis/St. Paul, and decreasing concentrations farther
downstream (Delinsky et al. 2009, 2010). Sources of PFAS within
the Twin Cities urban area include the 3M Cottage Grove
manufacturing plant, where PFAS were produced until 2002, the
Minneapolis/St. Paul wastewater treatment plant, the St. Paul
Downtown Airport, and various landfills (Route et al. 2014a).

Despite heavy contaminant loads and multiple sources of
PFAS, the concentrations of ∑PFAS decreased by 10 to 11%/yr
in nestling plasma collected from 2006 to 2015 at Mississippi
National River and Recreation Area and lower St. Croix

PFAS in bald eagle nestlings—Environmental Toxicology and Chemistry, 2021;40:754–766 759
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National Scenic Riverway, and 34%/yr at Pools 3+ 4, although
this last trend should be considered tentative due to limited
sampling. These trends align temporally with the discontinua-
tion of production of PFAS at the 3M plant by 2002. Although
data assessing trends of concentrations of ∑PFAS in biota from
Midwestern rivers in the United States are few, those available
agree with our findings. For example, ∑PFAS concentrations in
great blue heron eggs from Pig's Eye Lake on the Mississippi
River, which had levels among the highest ever reported for
eggs in 1993, had declined by >60% by 2010/2011 (Custer
et al. 2013). In 4 species of fish from Pool 2 of the Mississippi

River in Minneapolis/St. Paul, MN, concentrations of PFOS
(which made up approximately 84% of the total PFAS) de-
creased by 44–76% between 2009 and 2013 (Newsted
et al. 2017).

Lake Superior. Eagle nestlings at Lake Superior (Apostle
Islands National Lakeshore and Lake Superior southern shore)
had moderately high levels of ∑PFAS, despite the relative re-
moteness of the location. In addition, concentrations there did
not decrease during the course of our study even though the
time‐series was significantly longer, with samples dating back

(A)

(B)

FIGURE 2: Temporal trends of (A) perfluorodecanesulfonate (PFDS; μg/L) and (B) perfluorooctanoic acid (PFOA; μg/L) in plasma of nestling bald
eagles sampled at 6 study areas in northern Wisconsin and adjacent areas of Minnesota, 2006 to 2015. For (A), concentrations are predicted values
from the frailty model with study area, year, and nestling age as predictors and territory as a random effect. Lines for individual study area are shown
for illustrative purposes. Overall PFDS declined significantly over the study period (p< 0.001). For (B), concentrations are predicted values from the
frailty model with study area and year as predictors and territory as a random effect. Lines for individual study area are shown for illustrative
purposes. Overall PFOA declined significantly over the study period (p< 0.001). APIS=Apostle Islands; LSSS= the south shore of Lake Superior in
Wisconsin; USACN= upper Saint Croix National Scenic River; LSACN= lower Saint Croix National Scenic River; MISS=Mississippi National River
and Recreation Area; and Pools 3+ 4= pools 3 and 4 of the Mississippi River.
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to 1995. This is in contrast to the trend along the industrialized
rivers. These patterns likely reflect the hydrological regime and
contamination pathways of Lake Superior, as well as the
ecology of the eagles there. Lake Superior is a deep, cold,
oligotrophic lake, with a water turnover time averaging 191 yr;
these characteristics allow significant bioaccumulation of per-
sistent compounds within the sediments and biota. The human
population is sparse along the shores of the Lake, but tribu-
taries may act as point sources of PFAS because there are
municipal wastewater treatment plants for each town and city
along each tributary, including large population centers such as
Duluth (MN, USA). Lake Superior's primary source of most
persistent organic pollutants is airborne deposition (Gewurtz
et al. 2008) over its 82 103‐km2 surface area, but for PFAS, the
most important source is input from the tributaries, followed by
atmospheric deposition (Scott et al. 2010; Remucal 2019).

Lake Superior bald eagles consume primarily fish during the
breeding season (Kozie and Anderson 1991; Dykstra 1995;
Dykstra et al. 2001), although the species they consume differ
somewhat from those taken by eagles nesting on inland lakes
(Dykstra 1995; Dykstra et al. 2001), and Lake Superior eagles
also eat more birds, including gulls (Larus spp.) and double‐
crested cormorants (Kozie and Anderson 1991; Dykstra 1995;
Warnke et al. 2002). Fish species in the Great Lakes, in com-
parison with conspecifics in inland lakes, generally have higher
levels of persistent organic pollutants including DDE and PCBs
(Giesy et al. 1995; Sokol 2015), PBDEs (Stahl et al. 2013), and
PFAS (Stahl et al. 2014). Piscivorous avian species such as gulls
and cormorants, one step higher up the trophic web, accu-
mulate those pollutants, which can be further biomagnified
when eagles consume them.

The lack of a detectable long‐term trend in ∑PFAS in Lake
Superior nestlings contrasts with the declining concentrations of
other organic pollutants, including the legacy compounds DDE
and PCBs (Dykstra et al. 2019) and PBDEs (Route et al. 2014b).
The declining concentration of PBDEs is particularly informative,
because PBDE use was terminated much more recently

(2004; US Environmental Protection Agency 2006) than that of
DDE and PCBs (in the 1970s). The contrast between PFAS and
the legacy contaminants may reflect differences in primary
sources (atmospheric deposition for most persistent organic
pollutants but via tributaries for PFAS; Gewurtz et al. 2008; Scott
et al. 2010; Remucal 2019). The lack of a long‐term trend for
∑PFAS also contrasts with other reports for the Great Lakes. For
example, ∑PFAS concentrations in Great Lakes herring gull
(Larus argentatus) eggs decreased from 1990 to 2010 (Gebbink
et al. 2011). In general, concentrations of ∑PFAS in sediment and
biota of Lake Superior and the other upper Great Lakes in-
creased until approximately 2000, and has then decreased since
that time (Remucal 2019). We suggest that the absence of a
decline in ∑PFAS concentrations at Lake Superior may reflect the
importance of long‐chain perfluoroalkyl carboxylates (PFCAs)
there (see discussion in section Individual PFAS analytes in
nestling eagle plasma samples), although a lack of federal reg-
ulation of most PFAS also likely contributes.

Remote river site (upper St. Croix National Scenic
Riverway). The upper St. Croix River is remote, narrow, and
relatively uninfluenced by anthropogenic impacts (Dykstra
et al. 2019). In the present study, the ∑PFAS concentrations in
nestling plasma from upper St. Croix National Scenic Riverway
did not show a temporal trend, although concentrations were
low throughout the study. In our previous study, we found
moderate evidence of a decline in ∑PFAS concentrations at
upper St. Croix National Scenic Riverway from 2006 to 2011
(80% probability of decline; Route et al. 2014a). The differences
likely reflect the longer time series of the present study or the
different analyses.

Individual PFAS analytes in nestling eagle plasma
samples

Overall, PFOS and PFDS made up the majority of the total
PFAS in nestling plasma samples in our study, confirming our

TABLE 2: Summary of analyses for sum perfluoroalkyl substances (∑PFAS) and 12 PFAS analytes measured in blood plasma of nestling bald eagles
in Wisconsin and Minnesota

Analyte Model type
Trend in analyte
concentration Declinea (%/yr)

Significant effect
of nestling age?

Increase with
nestling age (%/d)a

∑PFAS Mixed effects Varied among sites Yes (increase) 1.6
PFOS Mixed effects Decrease 4.8 Yes (increase) 1.9
PFDS Frailty Decrease Yes (increase)
PFDA Frailty None No
PFUnA Mixed effects Decrease 7.5 Yes (increase) 1.6
PFDoA Mixed effects Decrease 8.0 No
PFNA Mixed effects None overallb Yes (increase) 2.0
PFTrA Mixed effects Decrease 4.7 No
PFHpS Frailty Decrease Yes (increase)
PFHxS Frailty Decrease Yes (increase)
PFTeA Frailty None No
PFOA Frailty Decrease No
PFBA Frailty Decrease Yes (increase)

aMixed effects models only. For frailty models, we report the direction of effect but percentage could not be determined.
bSignificant decline at LSSS of 18%/yr; however, sample size was small (n= 10) so result should be considered tentative.
For abbreviations, see Table 1 footnote.
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earlier results based on a shorter time‐series (Route et al. 2014a).
Concentrations of these analytes paralleled ∑PFAS in being
greatest in nestlings from the industrialized rivers, Mississippi
National River and Recreation Area, Pools 3+ 4, and lower
St. Croix National Scenic Riverway, and lowest in nestlings from
upper St. Croix National Scenic Riverway.

Even so, the nestlings at the most remote site, Apostle
Islands National Lakeshore, had the highest concentrations for
7 of the 12 analytes, including some of the longer chain PFCAs
(such as PFNA, PFUnA, and PFDA; Table 1). Some of these
long‐chain PFCAs are associated with decreased reproduction
in wild birds (black‐legged kittiwakes [Rissa tridactyla]; Tartu
et al. 2014), and PFCA concentrations are generally increasing
in wild birds (Holmström et al. 2010; Ahrens et al. 2011;
Gebbink et al. 2011; Miller et al. 2015; Vorkamp et al. 2019).
Long‐chain PFCAs tend to be relatively more abundant than
perfluoroalkyl sulfonates (PFSAs) in western Great Lakes fish
and birds (Letcher et al. 2015; Remucal 2019), which agrees
with our analysis, in which the most abundant PFAS in nestlings
at Lake Superior sites (after PFOS) were all the longer chained
PFCAs (Table 1). Concentrations of PFCAs have generally re-
mained constant or increased in Great Lakes herring gull eggs
(Letcher et al. 2015; Remucal 2019). The importance of long‐
chain PFCAs at Lake Superior compared with the Mississippi
River and lower St. Croix River likely reflects different sources of
PFAS, such as more long‐range atmospheric deposition (Route
et al. 2014a; Costantini et al. 2019), as well as slower removal
from the ecosystem at this large lake.

Over all the study areas combined, we found decreasing
concentrations in nestling plasma from 2006 to 2015 for 9 of
the 12 analytes (Table 2). Such declines mirror the decreasing
concentrations of ∑PFAS in our samples from the industrialized
rivers.

PFOS. Concentrations of PFOS made up the majority of
∑PFAS in nestling bald eagles at all our study areas, although
PFOS was much more important at sites along the in-
dustrialized rivers than at Lake Superior, where long‐chain
PFCA analytes such as PFNA contributed significantly to the
nestlings' total PFAS burden (Table 1; Elliott et al. 2019).
Likewise, PFOS made up the majority of ∑PFAS in avian sam-
ples in many locations in the Great Lakes region (Letcher
et al. 2015; Remucal 2019; Wu et al. 2020), with the percentage
of the total burden similarly depending on waterbody type and
distance from point sources. Tree swallow eggs and plasma
from sites near point sources on the Mississippi River had the
greatest percentage contribution by PFOS (>95% in eggs),
whereas those near other known point sources were somewhat
lower (67–87% in plasma), and those from isolated lakes
without point sources were much lower (30–40%; Custer
et al. 2019). In general, PFOS concentrations within the
Great Lakes basin are higher near urban/industrial areas
(Remucal 2019); the predominance of PFOS in avian samples
may be an indicator of the proximity to point sources (Custer
et al. 2019).

Overall concentrations of PFOS in nestling plasma declined
from 2006 to 2015 in our study. Likewise, concentrations of

PFOS also decreased dramatically in great blue heron eggs
from the Mississippi River between 1993 and 2010/2011
(Custer et al. 2013), in Great Lakes herring gull eggs between
1990 and 2010 (Remucal 2019), and in tawny owl (Strix aluco)
eggs (Ahrens et al. 2011). Concentrations of PFOS failed to
decrease in eggs of peregrine falcons from remote Greenland
(1986–2014; Vorkamp et al. 2019) and Sweden (Holmström
et al. 2010), eggs of ospreys (Pandion haliaetus) in Sweden
(Eriksson et al. 2016), and eggs of white‐tailed eagles
(Haliaeetus albicilla) from Sweden (Faxneld et al. 2016).
Differing trends are apparently related to differing locations
(Eriksson et al. 2016), but few recent studies show increasing
concentrations of PFOS (Vorkamp et al. 2019; but see Groffen
et al. 2019 for an exception), which likely reflects the dis-
continuation of PFOS production in the first few years of this
century (Remucal 2019).

Concentrations of PFOS below approximately 1000 μg/L in
blood serum and eggs are thought to have no effect in avian
species, based on laboratory toxicity testing in ducks and quail,
while lowest observable effect thresholds were approximately
1700 μg/L for plasma and eggs (Newsted et al. 2005). Although
no mean nestling PFOS concentrations in our study ap-
proached these thresholds, individual nestlings at Mississippi
National River and Recreation Area, Pools 3+ 4, and lower
St. Croix National Scenic Riverway exceeded these concen-
trations, suggesting that some impairment may have occurred.
Similarly high concentrations occurred in individual Midwestern
bald eagle nestlings in the early 1990s (Kannan et al. 2001).
Primarily in laboratory studies, PFOS has been associated with
negative effects on liver, lungs, and kidney, changes in body
mass, reduction in normal activity, and developmental toxicity
(Stahl et al. 2011). In the field, analyses have had mixed results.
Mean concentrations of total PFAS (primarily PFOS) as low as
150 ng/g in tree swallow eggs were apparently associated with
lower hatching success (Custer et al. 2012, 2014); however, in
later work, tree swallows with much higher loads of PFAS re-
produced well, prompting the researchers to conclude that the
earlier study may have been confounded by additive effects of
other contaminants (Custer et al. 2019). Similarly, in Belgium,
very high concentrations of PFAS had somewhat limited effects
on reproduction in great tits (Groffen et al. 2019). However, in
black‐legged kittiwakes, reduced hatching success was
associated with higher concentrations of PFDoA, one of the
long‐chain PFCAs (Tartu et al. 2014).

PFDS. Together with PFOS, PFDS made up most (>90%) of the
∑PFAS in plasma of bald eagle nestlings in our earlier report
(Route et al. 2014a), and was similarly important in the present
study for nestlings on the industrialized rivers (Mississippi
National River and Recreation Area, Pools 3+ 4, and lower St.
Croix National Scenic Riverway), although not for those at Lake
Superior (Apostle Islands National Lakeshore and Lake Superior
southern shore) or the remote upper St. Croix National Scenic
Riverway (Table 1). Perfluorodecanesulfonate was detected in
100% of Caspian tern eggs, herring gull eggs, and bald eagle
eggs from Great Lakes sites, and was the second most abundant
of the perfluorinated sulfonates, following PFOS (gulls: Letcher
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et al. 2015; terns: Su et al. 2017; eagles: Wu et al. 2020). As a
long‐chain compound, PFDS is more likely to be bio-
accumulative and toxic (Conder et al. 2008), but has been less
studied than PFOS and PFOA, despite its prevalence and ap-
parent association with urban areas (Route et al. 2014a; Letcher
et al. 2015; Gewurtz et al. 2016).

In our study, overall PFDS concentrations in nestling eagle
plasma decreased over time. Concentrations of PFDS in Great
Lakes herring gull eggs at 7 colonies also declined over the pe-
riod from 1990 to 2010 (Gebbink et al. 2011). Similarly, concen-
trations of PFDS also decreased by 76% in great blue heron eggs
from the Mississippi River between 1993 and 2010/2011 (Custer
et al. 2013). Outside of the Great Lakes region, the temporal
trends are generally similar. In peregrine falcon eggs from
Greenland, PFDS made up only a small percentage of the overall
PFAS load (which was dominated by PFOS), and decreased at a
rate of 0.6% annually from 1986 to 2014 (Vorkamp et al. 2019). In
tawny owl eggs collected in Norway, PFDS concentrations de-
creased 6.6% annually from 1997 to 2009, after increasing from
1986 to 1997 (Ahrens et al. 2011). Concentrations of PFDS in
peregrine falcon eggs from Sweden increased from 1974 to
approximately 2002, but then showed no trend until 2007
(Holmström et al. 2010). In contrast to these studies showing
declines, a study of great tit eggs at a highly contaminated site in
Belgium found increases in PFDS and PFOS concentrations
between 2011 and 2016 (Groffen et al. 2019).

PFOA. Even though PFOA is more abundant than PFOS in the
surface water of the Great Lakes (Scott et al. 2010; Remucal
2019), bald eagle nestlings in all study areas had fairly low
concentrations of this compound in plasma. Relative to PFOS,
PFOA has a low bioaccumulative potential (Kannan et al. 2005;
Remucal 2019; Bursian et al. 2020), and is considered less toxic
(Stahl et al. 2011; Bursian et al. 2020). Our results paralleled
those of some other biota within the Great Lakes basin. Con-
centrations of PFOA were detected in only 12% of Great Lakes
fish composite samples in which PFOS was detected in 100%
(Stahl et al. 2014). However, in plasma samples of tree swallow
nestlings, PFOA was detected in 100% of samples from a highly
contaminated site in Oscoda, Michigan (USA); PFOA was the
second most abundant PFAS at sites on the Upper Mississippi
River, and was primarily responsible for the variation in PFAS
analyte profiles among sites and between years (Custer
et al. 2014, 2019).

Overall PFOA concentrations in our study decreased over
time, confirming our earlier results (Route et al. 2014a).
Similarly, PFOA concentrations have also declined in Great
Lakes herring gull eggs (Gebbink et al. 2011; Remucal 2019).

Nestling age
Nestling age significantly influenced nestling plasma concen-

trations of 7 of the 12 analytes we studied. For all these analytes,
concentrations increased as nestlings aged, generally by 1 to
2%/d (Table 2). These findings expand on our previous results
that used only the earlier samples, in which we found relation-
ships with nestling age for 3 of 12 analytes (2 increasing trends,

1 decreasing; Route et al. 2014a); the differences likely relate to
the greater number of samples and longer time‐series of the
present study. The bioaccumulative properties of the analytes,
combined with the increasing exposure time and increasing
dietary input as the nestlings age, likely explain these trends. It is
unlikely that these relationships reflect a broader correlation to
date (Julian day), such as might occur if eagles routinely switched
from one prey type to another (more contaminated) type as the
season progressed, because the wide geographic and hydrologic
range of our study areas resulted in hatch dates that varied by
approximately 1mo on average from south to north (W. Route,
unpublished data), and prey species that differed among
waterbody types (W. Route, unpublished data).

Studies assessing the relationship of contaminant concen-
trations in raptor plasma to nestling age are limited. However,
PFOS concentrations in nestling white‐tailed eagle and
northern goshawks (Accipiter gentilis) sampled repeatedly also
increased as the nestlings aged (Bustnes et al. 2013). Re-
searchers concluded that the trends reflected dietary input of
this PFAS, and that the magnitude of the increase indicated
relatively high intakes of PFOS via diet (Bustnes et al. 2013). In
a study similar to ours in which nestling age was considered as
a covariate in analysis of PFAS concentrations, total PFAS
concentrations in plasma samples from white‐tailed eagle
nestlings increased significantly with age (range, 44–87 d), and
researchers also concluded that plasma trends represented
continuing dietary exposure to PFAS (Løseth et al. 2019). These
results and ours indicate that researchers and managers should
consider nestling age when using nestling plasma to assess
concentrations of PFAS. We recommend further studies on this
topic, including repeated quantifications of PFAS loads as
individual animals age.

CONCLUSIONS
Nestling blood plasma concentrations of ∑PFAS differed

among study areas and were highest at the 3 industrialized
river sites (Pools 3+ 4, Mississippi National River and Recre-
ation Area, and lower St. Croix National Scenic Riverway),
moderately high at Lake Superior sites (Apostle Islands
National Lakeshore and Lake Superior southern shore), and
lowest at upper St. Croix National Scenic Riverway. Temporal
trends in ∑PFAS also differed among study areas; concen-
trations decreased at Pools 3+ 4, Mississippi National River
and Recreation Area, and lower St. Croix National Scenic
Riverway, but not at the most remote sites, the upper St. Croix
River and Lake Superior. Overall, PFOS was the most abundant
analyte at all study areas, and PFDS the second most abundant
at industrialized river sites though not at Lake Superior, where
other analytes were more important. One Lake Superior site
(Apostle Islands National Lakeshore) had the highest concen-
trations for 7 of the 12 analytes, including some of the longer
chain PFCAs such as PFNA, PFUnA, and PFDA. Over the entire
study area, concentrations in nestling plasma decreased from
2006 to 2015 for 9 of the 12 analytes, but nestling age sig-
nificantly influenced plasma concentrations of ∑PFAS and 7 of
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the 12 analytes, indicating that age should be included in
future assessments.

Supplemental Data—The Supplemental Data are available on
the Wiley Online Library at https://doi.org/10.1002/etc.4864.
The Data include 4 figures showing: (S1) map of study area,
(S2) relationship between ∑PFAS in nestling plasma and
nestling age, (S3) mean ∑PFAS concentrations in plasma of
nestling bald eagles at 6 study areas, and (S4) mean PFOS
concentrations in plasma of nestling bald eagles at 6 study
areas. The 3 tables show: (S1) number of nestling plasma
samples measured for PFAS by year at 6 study areas, (S2)
names and abbreviations of PFAS analytes measured, and (S3)
number of nestling plasma samples by analyte and the
percentage of samples that were below the laboratory's limits
of quantification.

Acknowledgment—Primary funding was provided by the US
National Park Service Great Lakes Inventory and Monitoring
Network with additional support from the Minnesota Pollution
Control Agency, and the Great Lakes Restoration Initiative. The
Wisconsin Department of Natural Resources provided archived
samples and conducted bald eagle nest occupancy surveys in
Wisconsin. Ramsey County Parks and Recreation conducted
occupancy surveys in Minnesota. The Wisconsin State Labo-
ratory of Hygiene was the primary analytical laboratory. We
thank R. Key for data management, J. Campbell‐Spickler and
G. Renzullo for tree climbing and handling of nestlings, M.
Martell for handling of nestlings, and many National Park
Service staff and volunteers for assistance with data collection
and logistics. We appreciate constructive comments on drafts
of this manuscript.

Author Contributions Statement—The manuscript was written
through contributions of all authors. All authors have approved
the final version of the manuscript.

Data Availability Statement—The data included in this manu-
script are publicly available free of charge from the National
Park Service Data Store for direct download at: https://irma.
nps.gov/DataStore/DownloadFile/606817. Data, associated
metadata, and calculation tools are available from the
corresponding author (billroute2@gmail.com).

REFERENCES
Ahrens L, Herzke D, Huber S, Bustnes JO, Bangjord G, Ebinghaus R. 2011.

Temporal trends and pattern of polyfluoroalkyl compounds in tawny owl
(Strix aluco) eggs from Norway, 1986–2009. Environ Sci Technol 45:
8090–8097.

Barton K. 2016. MuMIn: Multi‐model inference. [cited 2019 October 1].
Available from: https://CRAN.R-project.org/package=MuMIn

Blévin P, Tartu S, Ellis HI, Chastel O, Bustamante P, Parenteau C, Herzke D,
Angelier F, Gabrielsen GW. 2017. Contaminants and energy ex-
penditure in an Arctic seabird: Organochlorine pesticides and per-
fluoroalkyl substances are associated with metabolic rate in a contrasted
manner. Environ Res 157:118–126.

Bortolotti GR. 1984. Criteria for determining age and sex of nesting bald
eagles. J Field Ornithol 55:467–481.

Buck JA, Anthony RG, Schuler CA, Isaacs FB, Tillitt DE. 2005. Changes in
productivity and contaminants in bald eagles nesting along the lower
Columbia River, USA. Environ Toxicol Chem 24:1779–1792.

Burnham KP, Anderson DR. 2002. Model Selection and Multimodal In-
ference: A Practical Information‐Theoretic Approach, 2nd ed. Springer,
New York, NY, USA.

Bursian SJ, Link JE, McCarty M, Simcik MF. 2020. The subacute toxicity of
perfluorooctane sulfonate and/or perfluorooctanoic acid and legacy
aqueous film‐forming foams to Japanese quail (Coturnix japonica)
chicks. Environ Toxicol chem 40:695-710.

Bustnes JO, Bårdsen BJ, Herzke D, Johnsen TV, Eulaers I, Ballesteros M,
Hanssen SA, Covaci A, Jaspers VLB, Eends M, Sonne C, Halley D, Moum
T, Haugdal Nøst T, Erikstad KE, Ims RA. 2013. Plasma concentration of
organohalogenated pollutants in predatory bird nestlings: Association to
growth rates and dietary tracers. Environ Toxicol Chem 32:2520–2527.

Cesh LS, Elliott KH, Quade S, McKinney MA, Maisoneuve F, Garcelon DK,
Sandau CD, Letcher RJ, Williams TD, Elliott JE. 2010. Polyhalogenated
aromatic hydrocarbons and metabolites: Relation to circulating thyroid
hormone and retinol in nestling bald eagles (Haliaeetus leucocephalus).
Environ Toxicol Chem 29:1301–1310.

Codling G, Hosseini S, Corcoran MB, Bonina S, Lin T, Li A, Sturchio NC,
Rockne KJ, Ji K, Peng H, Giesy JP. 2018b. Current and historical con-
centrations of poly and perfluorinated compounds in sediments of the
northern Great Lakes—Superior, Huron, and Michigan. Environ Pollut
236:373–381.

Codling G, Sturchio NC, Rockne KJ, Li A, Peng H, Tse TJ, Jones PD, Giesy
JP. 2018a. Spatial and temporal trends in poly‐ and per‐fluorinated
compounds in the Laurentian Great Lakes Erie, Ontario and St. Clair.
Environ Pollut 237:396–405.

Conder JM, Hoke RA, de Wolf W, Russell MH, Buck RC. 2008. Are PFCAs
bioaccumulative? A critical review and comparison with regulatory criteria
and persistent lipophilic compounds. Environ Sci Technol 42:995–1003.

Costantini D, Blévin P, Herzke D, Moe B, Gabrielsen GW, Bustnes JO,
Chastel O. 2019. Higher plasma oxidative damage and lower plasma
antioxidant defences in an Arctic seabird exposed to longer per-
fluoroalkyl acids. Environ Res 168:278–285.

Custer CM, Custer TW, Delaney R, Dummer PM, Schultz S, Karouna‐Renier
N. 2019. Perfluoroalkyl contaminant exposure and effects in tree
swallow nesting at Clarks Marsh, Oscoda, Michigan, USA. Arch Environ
Contam Toxicol 77:1–13.

Custer CM, Custer TW, Dummer PM, Etterson MA, Thogmartin WE, Wu Q,
Kannan K, Trowbridge A, McKann PC. 2014. Exposure and effects of
perfluoroalkyl substances in tree swallows nesting in Minnesota and
Wisconsin, USA. Arch Environ Contam Toxicol 66:120–138.

Custer CM, Custer TW, Schoenfuss HL, Poganski BH, Solem L. 2012. Ex-
posure and effects of perfluoroalkyl compounds on tree swallows
nesting at Lake Johanna in east central Minnesota, USA. Reprod Toxicol
33:556–562.

Custer TW, Dummer PM, Custer CM, Wu Q, Kannan K, Trowbridge A. 2013.
Perfluorinated compound concentrations in great blue heron eggs near
St. Paul, Minnesota, USA, in 1993 and 2010–2011. Environ Toxicol Chem
32:1077–1083.

Delinsky AD, Strynar MJ, McCann PJ, Varns JL, McMillan L, Nakayama SF,
Lindstrom AB. 2010. Geographical distribution of perfluorinated com-
pounds in fish from Minnesota lakes and rivers. Environ Sci Technol
44:2549–2554.

Delinsky AD, Strynar MJ, Nakayama SF, Varns JL, Ye X, McCann PJ,
Lindstrom AB. 2009. Determination of ten perfluorinated compounds in
bluegill sunfish (Lepomis macrochirus) fillets. Environ Res 109:975–984.

Dennis NM, Karnjanapiboonwong A, Subbiah S, Rewerts JN, Field JA,
McCarthy C, Salice CJ, Anderson TA. 2020. Chronic reproductive toxicity of
perfluorooctane sulfonic acid and a simple mixture of perfluorooctane
sulfonic acid and perfluorohexane sulfonic acid to northern bobwhite quail
(Colinus virginianus). Environ Toxicol Chem 39:1101–1111.

De Silva AO, Spencer C, Ho KCD, Al Tarhuni M, Go C, Houde M, de Solla
SR, Lavoie RA, King LE, Muir DCG, Fair PA, Wells RS, Bossart GD. 2016.
Perfluoroalkylphosphinic acids in northern pike (Esox lucius), double‐
crested cormorants (Phalacrocorax auritus), and bottlenose dolphins
(Tursiops truncatus) in relation to other perfluoroalkyl acids. Environ Sci
Technol 50:10903–10913.

Dykstra CJR. 1995. Effects of contaminants, food availability and weather on
the reproductive rate of Lake Superior Bald Eagles. PhD thesis.
University of Wisconsin‐Madison, Madison, WI, USA.

764 Environmental Toxicology and Chemistry, 2021;40:754–766—C.R. Dykstra et al.

© 2020 The Authors wileyonlinelibrary.com/ETC

 15528618, 2021, 3, D
ow

nloaded from
 https://setac.onlinelibrary.w

iley.com
/doi/10.1002/etc.4864, W

iley O
nline L

ibrary on [08/12/2022]. See the T
erm

s and C
onditions (https://onlinelibrary.w

iley.com
/term

s-and-conditions) on W
iley O

nline L
ibrary for rules of use; O

A
 articles are governed by the applicable C

reative C
om

m
ons L

icense

https://doi.org/10.1002/etc.4864
https://irma.nps.gov/DataStore/DownloadFile/606817
https://irma.nps.gov/DataStore/DownloadFile/606817
mailto:billroute2@gmail.com
https://CRAN.R-project.org/package=MuMIn


Dykstra CR, Meyer MW, Stromborg KL, Warnke DK, Bowerman WW, Best
DA. 2001. Association of low reproductive rates and high contaminant
levels in bald eagles on Green Bay, Lake Michigan. J Great Lakes Res
27:239–251.

Dykstra CR, Route WT, Williams KA, Meyer MW, Key RL. 2019. Trends and
patterns of PCB, DDE, and mercury contamination in bald eagle
nestlings in the upper Midwest. J Great Lakes Res 45:252–262.

Elliott JE, Harris ML. 2001–2002. An ecotoxicological assessment of
chlorinated hydrocarbon effects on bald eagle populations. Rev
Toxicol 4:1–60.

Elliott JE, Norstrom R. 1998. Chlorinated hydrocarbon contaminants and
productivity of bald eagle populations on the Pacific coast of Canada.
Environ Toxicol Chem 17:1142–1153.

Elliott KH, Cesh LS, Dooley JA, Letcher RJ, Elliott JE. 2009. PCBs and DDE,
but not PBDEs, increase with trophic level and marine input in nestling
bald eagles. Sci Total Environ 407:3867–3875.

Elliott SM, Route WT, DeCicco LA, Vandermeulen DD, Corsi SR, Blackwell
BR. 2019. Contaminants in bald eagles of the upper Midwestern US; A
framework for prioritizing future research based on in‐vitro bioassays.
Environ Pollut 244:861–870.

Eriksson U, Roos A, Lind Y, Hope K, Ekblad A, Kärrman A. 2016. Comparison
of PFASs contamination in the freshwater and terrestrial environments by
analysis of eggs from osprey (Pandion haliaetus), tawny owl (Strix aluco),
and common kestrel (Falco tinnunculus). Environ Res 149:40–47.

Faxneld S, Berger U, Helander B, Danielsson S, Miller A, Nyberg E, Persson
J‐O, Bignert A. 2016. Temporal trends and geographical differences of
perfluoroalkyl acids in Baltic Sea herring and white‐tailed sea eagle eggs
in Sweden. Environ Sci Technol 50:13070–13079.

Garrett MG, Watson JW, Anthony RG. 1993. Bald eagle home range and
habitat use in the Columbia River Estuary. J Wildl Manage 57:19–27.

Gebbink WA, Letcher RJ, Hebert CE, Weseloh DVC. 2011. Twenty years
of temporal change in perfluoroalkyl sulfonate and carboxylate
contaminants in herring gull eggs from the Laurentian Great Lakes.
J Environ Monit 13:3365–3372.

Gewurtz SB, Backus SB, De Silva AO, Ahrens L, Armellin A, Evans M, Fraser
S, Gledhill M, Guerra P, Harner T, Helm PA, Hung H, Khera N, Kim MG,
King M, Lee SC, Letcher RJ, Martin P, Marvin C, McGoldrick DJ, Myers
AL, Pelletier M, Pomeroy J, Reiner EJ, Rondeau M, Sauve M‐C, Sekela
M, Shoeib M, Smith DW, Smyth SA, Struger J, Spry D, Syrgiannis J,
Waltho J. 2013. Perfluoroalkyl acids in the Canadian environment: Multi‐
media assessment of current status and trends. Environ Int 59:183–200.

Gewurtz SB, Martin PA, Letcher RJ, Burgess NM, Champoux L, Elliott JE,
Weseloh DVC. 2016. Spatio‐temporal trends and monitoring design of
perfluoroalkyl acids in the eggs of gull (Larid) species from across
Canada and parts of the United States. Sci Total Environ 565:440–450.

Gewurtz SB, Shen L, Helm PA, Walthos J, Reiner EJ, Painter S, Brindle ID,
Marvin CH. 2008. Spatial distributions of legacy contaminants in sedi-
ments of Lakes Huron and Superior. J Great Lakes Res 34:153–168.

Giesy JP, Bowerman WW, Mora MA, Vergrugge DA, Othoudt RA, Newsted
JL, Summer CL, Aulerich RJ, Bursian SJ, Dawson GA, Kubiak TJ, Best
DA, Tillitt DE. 1995. Contaminants in fishes from Great Lakes‐influenced
sections and above dams of three Michigan Rivers: III. Implication for
health of bald eagles. Arch Environ Contam Toxicol 29:309–321.

Govindarajulu US, Lin H, Lunetta KL, D'Agostino RB. 2011. Frailty models:
Applications to biomedical and genetic studies. Stat Med 30:2754–2764.

Groffen T, Lasters R, Lopez‐Antia A, Prinsen E, Bervoets L, Eens M. 2019.
Limited reproductive impairment in a passerine bird species exposed
along a perfluoroalkyl acid (PFAA) pollution gradient. Sci Total Environ
652:718–728.

Gump BB, Wu Q, Dumas AK, Kannan K. 2011. Perfluorochemical (PFC)
exposure in children: Associations with impaired response inhibition.
Environ Sci Technol 45:8151–8159.

Guo J, Simon K, Romanak K, Bowerman W, Venier M. 2018. Accumulation
of flame retardants in paired eggs and plasma of bald eagles. Environ
Pollut 237:499–507.

Helsel, DR. 2012. Statistics for Censored Environmental Data using Minitab®

and R, 2nd ed, Vol. 77. John Wiley & Sons, Hoboken, NJ, USA.

Holmström K, Johansson A‐K, Bignert A, Lindberg P, Berger A. 2010. Tem-
poral trends of perfluorinated surfactants in Swedish peregrine falcon
eggs (Falco peregrinus), 1974–2007. Environ Sci Technol 44:4083–4088.

Kannan K, Franson JC, Bowerman WW, Hansen KJ, Jones PD, Giesy JP.
2001. Perfluorooctane sulfonate in fish‐eating water birds including bald
eagles and albatrosses. Environ Sci Technol 35:3065–3070.

Kannan K, Tao L, Sinclair E, Pastva SD, Jude DJ, Giesy JP. 2005. Per-
fluorinated compounds in aquatic organisms at various trophic levels in
a Great Lakes food chain. Arch Environ Contam Toxicol 48:559–566.

Kozie KD, Anderson RK. 1991. Productivity, diet, and environmental con-
taminants in bald eagles nesting near the Wisconsin shoreline of Lake
Superior. Arch Environ Contam Toxicol 20:41–48.

Lee L. 2017. NADA: Nondetects and data analysis for environmental data. R
package version 1.6‐1.1. [cited 2019 October 1]. Available from: https://
CRAN.R-project.org/package=NADA

Lenth R. 2016. Least‐squares means: The R package lsmeans. J Stat Softw
69:1–33.

Letcher RJ, Su G, Moore JN, Williams LL, Martin PA, de Solla SR, Bowerman
WW. 2015. Perfluorinated sulfonate and carboxylate compounds and
precursors in herring gull eggs from across the Laurentian Great Lakes of
North America: Temporal and recent spatial comparisons and exposure
implications. Sci Total Environ 538:468–477.

Lindstrom AB, Strynar MJ, Libelo EL. 2011. Polyfluorinated compounds:
Past, present, and future. Environ Sci Technol 45:7954–7961.

Løseth ME, Briels N, Eulaers I, Nygård T, Malarvannan G, Poma G, Covaci A,
Herzke D, Bustnes JO, Lepoint G, Jenssen BM, Jaspers VLB. 2019. Plasma
concentration of organohalogenated contaminants in white‐tailed eagle
nestlings—The role of age and diet. Environ Pollut 246:527–534.

Miller A, Elliott JE, Elliott KH, Lee S, Cyr F. 2015. Temporal trends of per-
fluoroalkyl substances (PFAS) in eggs of coastal and offshore birds: In-
creasing PFAS levels associated with offshore bird species breeding on
the Pacific coast of Canada and wintering near Asia. Environ Toxicol
Chem 34:1799–1808.

Newsted JJ, Holem R, Hohenstein G, Lange C, Ellefson M, Reagen W,
Wolf S. 2017. Spatial and temporal trends of poly‐ and perfluoroalkyl
substances in fish fillets and water collected from Pool 2 of the Upper
Mississippi River. Environ Toxicol Chem 36:3138–3147.

Newsted JJ, Jones PD, Coady K, Giesy JP. 2005. Avian toxicity reference
values for perfluorooctane sulfonate. Environ Sci Technol 39:9357–9362.

Pinheiro J, Bates D, DebRoy S, Sarkar D, R Core Team. 2019. nlme: Linear and
nonlinear mixed effects models. R package version 3.1‐141. [cited 2019
October 1]. Available from: https://CRAN.R-project.org/package=nlme

R Core Team. 2017. R: A Language and Environment for Statistical Com-
puting. R Foundation for Statistical Computing, Vienna, Austria. [cited
2019 October 1]. Available from: https://www.R-project.org/

Remucal CK. 2019. Spatial and temporal variability of perfluoroalkyl substances
in the Laurentian Great Lakes. Environ Sci Process Impacts 21:1816–1834.

Route B, VanderMeulen D, Key R, Bowerman W, Kozie K. 2019. Protocol for
monitoring environmental contaminants in bald eagles, Ver 2.0. Natural
Resource Report NPS/GLKN/NRR‐2019/1983. Great Lakes Inventory and
Monitoring Network, National Park Service, Fort Collins, CO, USA.
https://doi.org/10.13140/RG.2.2.23900.74885

Route WT, Dykstra CR, Rasmussen PW, Key RL, Meyer MW, Mathew J.
2014b. Patterns and trends in brominated flame retardants in bald eagle
nestlings from the upper Midwestern United States. Environ Sci Technol
48:12516–12524.

Route WT, Russell RE, Lindstrom AB, Strynar MJ, Key RL. 2014a. Spatial and
temporal patterns in concentrations of perfluorinated compounds in
bald eagle nestlings in the upper Midwestern United States. Environ Sci
Technol 48:6653–6660.

Scott BF, De Silva AO, Spencer C, Lopez E, Backus SM, Muir DCG. 2010.
Perfluoroalkyl acids in Lake Superior water: Trends and sources. J Great
Lakes Res 36:277–284.

Sokol EC. 2015. An assessment of polychlorinated biphenyl contamination
in fish from the inland and Great Lakes of Michigan. MS thesis, Michigan
Technological University, Houghton, MI, USA.

Stahl LL, Snyder BD, Olsen AR, Kincaid TM, Wathen JB, McCarty HB. 2014.
Perfluorinated compounds in fish from US urban rivers and the Great
Lakes. Sci Total Environ 499:185–195.

Stahl LL, Snyder BD, Olsen AR, Walters LS. 2013. A national probabilistic
study of polybrominated diphenyl ethers in fish from US lakes and res-
ervoirs. Environ Monit Assess 185:10351–10364.

Stahl T, Mattern D, Brunn H. 2011. Toxicity of perfluorinated compounds.
Environ Sci Eur 23:38.

Stalmaster MV. 1987. The Bald Eagle. Universe Books, New York, NY, USA.

Steenhof K, Newton I. 2007. Assessing nesting success and productivity. In Bird
DM, Bildstein KL, eds, Raptor Research and Management Techniques.
Hancock House, Surrey, BC, Canada, and Blaine, WA, USA, pp 181–192.

PFAS in bald eagle nestlings—Environmental Toxicology and Chemistry, 2021;40:754–766 765

wileyonlinelibrary.com/ETC © 2020 The Authors

 15528618, 2021, 3, D
ow

nloaded from
 https://setac.onlinelibrary.w

iley.com
/doi/10.1002/etc.4864, W

iley O
nline L

ibrary on [08/12/2022]. See the T
erm

s and C
onditions (https://onlinelibrary.w

iley.com
/term

s-and-conditions) on W
iley O

nline L
ibrary for rules of use; O

A
 articles are governed by the applicable C

reative C
om

m
ons L

icense

https://CRAN.R-project.org/package=NADA
https://CRAN.R-project.org/package=NADA
https://CRAN.R-project.org/package=nlme
https://www.R-project.org/
https://doi.org/10.13140/RG.2.2.23900.74885


Su G, Letcher RJ, Moore JN, Williams LL, Grasman KA. 2017. Contaminants
of emerging concern in Caspian tern compared to herring gull eggs
from Michigan colonies in the Great Lakes of North America. Environ
Pollut 222:154–164.

Tartu S, Gabrielsen GW, Blévin P, Ellis H, Bustnes JO, Herzke D, Chastel O.
2014. Endocrine and fitness correlates of long‐chain perfluorinated
carboxylates exposure in Arctic breeding black‐legged kittiwakes.
Environ Sci Technol 48:13504–13510.

Therneau T. 2015. A package for survival analysis in S, Ver 2.38. [cited 2019
October 1]. Available from: https://CRAN.R-project.org/package=survival

US Environmental Protection Agency. 2002. Perfluorinated sulfonates; sig-
nificant new use rule, final and supplemental proposed rule. Fed Reg
67:72854–72867.

US Environmental Protection Agency. 2006. Certain polybrominated diphe-
nylethers (PBDEs): Significant new use rules. Fed Reg 71:34015–34021.

US Fish and Wildlife Service. 2007. Removing the bald eagle in the lower 48
states from the list of endangered and threatened wildlife. Fed Reg
72:37346–37371.

Venier M, Wierda M, Bowerman WW, Hites RA. 2010. Flame retardants and
organochlorine pollutants in bald eagle plasma from the Great Lakes
region. Chemosphere 80:1234–1240.

Vorkamp K, Falk K, Møller S, Bossi R, Rigét FF, Sørensen PB. 2019. Per-
fluoroalkyl substances (PFASs) and polychlorinated naphthalenes (PCNs)

add to the chemical cocktail in peregrine falcon eggs. Sci Total Environ
648:894–901.

Warnke DK, Andersen DE, Dykstra CR, Meyer MW, Karasov WH. 2002.
Provisioning rates and time budgets of adult and nestling bald eagles at
inland Wisconsin nests. J Raptor Res 36:121–127.

Weiss JM, Andersson PL, Lamoree MH, Leonards PEG, van Leeuwen SPJ,
Hamers T. 2009. Competitive binding of poly‐ and perfluorinated
compounds to the thyroid hormone transport protein transthyretin.
Toxicol Sci 109:206–216.

Wierda MR, Leith KF, Roe AS, Grubb TG, Sikarskie JG, Best DA, Pittman HT,
Fuentes L, Simon KL, Bowerman W. 2016. Using bald eagles to track
spatial (1999–2008) and temporal (1987–1992, 1999–2003, and
2004–2008) trends of contaminants in Michigan's aquatic ecosystems.
Environ Toxicol Chem 35:1995–2002.

Wu Y, Simon KL, Best DA, Bowerman W, Venier M. 2020. Novel and legacy
per‐ and polyfluoroalkyl substances in bald eagle eggs from the Great
Lakes region. Environ Pollut 260:113811.

Ye X, Strynar MJ, Nakayama SF, Varns J, Helfant L, Lazorchak J, Lindstrom
AB. 2008. Perfluorinated compounds in whole fish homogenates from
the Ohio, Missouri, and Upper Mississippi Rivers, USA. Environ Pollut
156:1227–1232.

Zuur A, Ieno EN, Walker N, Saveliev AA, Smith GM. 2009. Mixed Effects
Models and Extensions in Ecology with R. Springer, New York, NY, USA.

766 Environmental Toxicology and Chemistry, 2021;40:754–766—C.R. Dykstra et al.

© 2020 The Authors wileyonlinelibrary.com/ETC

 15528618, 2021, 3, D
ow

nloaded from
 https://setac.onlinelibrary.w

iley.com
/doi/10.1002/etc.4864, W

iley O
nline L

ibrary on [08/12/2022]. See the T
erm

s and C
onditions (https://onlinelibrary.w

iley.com
/term

s-and-conditions) on W
iley O

nline L
ibrary for rules of use; O

A
 articles are governed by the applicable C

reative C
om

m
ons L

icense

https://CRAN.R-project.org/package=survival



